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• Climate change may hamper our current
restoration efforts.

• We tested four measures focusing on con-
trolling internal loading in an urban canal.

• We evaluated the effect of an extreme
heatwave on the efficacy of the measures.

• The four measures were unable to miti-
gate the negative heatwave impacts.

• Heatwaves lock P in a biological loop,
hampering the efficacy of solid P sorbents.
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Harmful algal blooms are symptomatic of eutrophication and lead to deterioration of water quality and ecosystem ser-
vices. Extreme climatic events could enhance eutrophication resulting in more severe nuisance algal blooms, while
they also may hamper current restoration efforts aimed to reduce nutrient loads. Evaluation of restoration measures
on their efficacy under climate change is essential for effective water management. We conducted a two-month
mesocosm experiment in a hypertrophic urban canal focussing on the reduction of sediment phosphorus (P)-release.
We tested the efficacy of four interventions, measuring phytoplankton biomass, nutrients in water and sediment.
The measures included sediment dredging, water column aeration and application of P-sorbents (lanthanum-modified
bentonite - Phoslock® and iron-lime sludge, a by-product from drinking water production). An extreme heatwave
(with the highest daily maximum air temperature up to 40.7 °C) was recorded in the middle of our experiment. This
extreme heatwave was used for the evaluation of heatwave-induced impacts. Dredging and lanthanummodified ben-
tonite exhibited the largest efficacy in reducing phytoplankton and cyanobacteria biomass and improving water clar-
ity, followed by iron-lime sludge, whereas aeration did not show an effect. The heatwave negatively impacted all four
measures, with increased nutrient releases and consequently increased phytoplankton biomass and decreased water
clarity compared to the pre-heatwave phase. We propose a conceptual model suggesting that the heatwave locks
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nutrients within the biological P loop, which is the exchange between labile P and organic P, while the P fraction in the
chemical P loopwill be decreased. As a consequence, the efficacy of chemical agents targeting P-reduction by chemical
binding will be hampered by heatwaves. Our study indicates that current restorationmeasures might be challenged in
a future with more frequent and intense heatwaves.
1. Introduction

Eutrophication, defined by over-enrichment of nutrients resulting in in-
creased primary production, is identified as one of the key drivers of water
quality deterioration in inland waters across the globe (Carpenter et al.,
1999). Eutrophication of a water body can hamper provisioning of ecosys-
tem services by a series of symptoms, e.g. accumulation of phytoplankton
biomass in the water column, malodour, and oxygen depletion resulting
in fish kill (Smith and Schindler, 2009). Furthermore, some cyanobacterial
species can produce toxins, which pose a direct health risk to animals and
humans (Chorus et al., 2000). From previous experimental and modelling
studies it has beenwell-established that through reduction of nutrient load-
ing degraded systems can be restored to a clear water state (Janse, 2005;
Waajen, 2017).

Nutrient loading (nitrogen and phosphorus) can originate from external
sources in the watershed as well as from internal lake sediments. Lakes sed-
iments are often enriched with nutrients after years of accumulation and
under certain conditions these sediment nutrients will be released into
the water column (Søndergaard et al., 2013). While external loading can
be controlled through e.g., watershed management and water treatment,
in-lake measures that target sediment nutrient release are becoming inevi-
table as many studies have demonstrated that a sole reduction of external
loading without control of internal loading is not efficient (Lürling and
Mucci, 2020; Spears et al., 2016).

While external load control will mostly reduce both nitrogen (N) and
phosphorus (P), in-lake nutrient reduction often focuses on P, as P can be
made limiting more easily than N (Schindler et al., 2008). It has increas-
ingly been accepted that drastic reduction of P release from sediments is
critical for long-lasting eutrophication control (Carpenter, 2008). Bio-
availabilities of phosphorus differ among various sediment P forms
(Cavalcante et al., 2018). In general, the mobile P pool is comprised of
forms that are easily available, such as P dissolved in pore water (measured
as Soluble Reactive Phosphorus, i.e. SRP), P loosely adsorbed to FeOOHand
CaCO3 surfaces, P that can become available rapidly under anoxic condi-
tions (i.e. redox-sensitive P bound to oxidized Iron and Manganese), and
P that will gradually become available due to mineralization of organic
matter (Hupfer et al., 2009). P adsorbed to Aluminium (Al) and Iron (Fe)
oxy/hydroxides and P in Al and Fe (hydroxy)phosphates will only become
available when phosphate is exchanged with hydroxyl ions at high pH
(Boström, 1984). Acid-soluble and refractory organic P, P in calcium-
phosphate minerals, and non-extractable mineral P are viewed as non-
available (Hupfer et al., 2009).

In this study, we investigated four promising measures for their poten-
tial in mitigating internal eutrophication, including lanthanum-modified
bentonite (LMB) and removal of the nutrient-rich top soil (dredging), as
well as aeration and iron-lime sludge amendment. The four restoration
measures have variable mode of actions to control eutrophication.
Lanthanum-modified bentonite (LMB, also called Phoslock®), a well-
established eutrophication control technique that has been applied to
over 200 water bodies across a wide geographic distribution (Copetti
et al., 2016), is developed to immobilize P by forming a La-P complex.
This complex has proven to be poorly soluble under anoxic conditions
and under a wide range of pH (6–10 tested in Kang et al., 2021; Mucci
et al., 2018). This compound has been compared with other P adsorbents
with respect to their P adsorption capacity and often performs better (Lin
et al., 2015; Mucci et al., 2018). Some studies have evaluated it against
dredging, a commonly used measure that removes the organic- and
nutrient-rich top sediment layer. The results are not conclusive, as one
study observed that LMB was less effective in removing P compared to
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dredging (Lürling and Faassen, 2012), whereas another study found that
LMB was more effective than dredging (Yin et al., 2021). However, dredg-
ing in general is more expensive than the application of LMB (Lürling and
Faassen, 2012). Aeration, as a measure of artificial oxygenation of the
water column, aims at enhancing the natural capacity of the system in bind-
ing phosphorus through reduction in the concentrations of reduced forms
of iron and manganese (Cowell et al., 1987; Yuan et al., 2020). Iron-lime
sludge, a by-product from drinking water production, has P-adsorption ca-
pacity through the presence of iron (Fe) and calcium (Ca) (Babin et al.,
1994; Golterman, 1997; Smolders et al., 2008). P bound to oxidized iron
is redox-sensitive and can be remobilized under anoxic condition
(Gächter and Müller, 2003), and P bound to reduced iron is suffering
from sulphide which binds more strongly to reduced iron than to P
(Geurts et al., 2010). The Ca in the iron sludge may bind P under elevated
pH. These Ca-P minerals are stable under most natural conditions, but P
bound by Ca can be released under acidic conditions (Huang et al.,
2005). As a waste product fromwater treatment this sludge is economically
favourable compared to dredging and lanthanum modified bentonite
(LMB).

To compare the efficacy of these four measures in a near-realistic envi-
ronment, we conducted a two-month mesocosm experiment in a hypertro-
phic urban canal. Suchmesocosmexperimental settings have proven to be a
valuable approach for testing the efficacy of various ecological restoration
measures in urban waterways in previous studies (Waajen et al., 2017).
Mesocosm studies represent a near-realistic level of environmental com-
plexity while allowing for a replicated design with well-defined treatments.
Shallow water bodies are the most abundant freshwater ecosystems
(Verpoorter et al., 2014) and provide important ecological and societal ser-
vices including recreation, water and nutrients retention, microclimate reg-
ulation and biodiversity reservoir (Biggs et al., 2017; Bolund and
Hunhammar, 1999). Urban canals and ponds are examples of such shallow
freshwater ecosystems that, due to their close proximity to humans, are
both valuable for ecosystem service provisioning as well as exposed to
high levels of anthropogenic stressors (Noble and Hassall, 2015; Teurlincx
et al., 2019). They are often nutrient-rich and regularly suffering from
blooms of nuisance algae (Waajen et al., 2014).

The main objectives of this study are: (i) comparing the efficacy of four
intervention measures in reducing nutrient releases and controlling eutro-
phication; (ii) evaluating the heatwave impacts on the efficacy of these
four intervention measures; (iii) proposing a conceptual model that pro-
vides routes through which measures to mitigate sediment phosphorus re-
lease might be affected by heatwaves. We propose the following
hypotheses regarding the efficacy of the four measures: Hypothesis
1) Dredging and lanthanummodified bentonite (LMB), via reducingmobile
P effluxes from the sediments, will be the most effective measures in reduc-
ing phytoplankton biomass; Hypothesis 2) Iron-lime sludge will be less ef-
fective in reducing sediment P release because it is both redox-sensitive
and pH-sensitive; Hypothesis 3) Aeration -although widely used- is not ef-
fective for P-reduction as in such a shallow system air pumping can lead
to enhanced sediment resuspension promoting nutrient release (Visser
et al., 2016).

In future climate conditions the efficacy of the current restoration mea-
sures might be hampered by extreme climate events posing a sudden and
severe disturbance to lakes (Stockwell et al., 2020; Woolway et al., 2020).
For instance, lake heatwaves, defined as periods of extremely warm surface
water temperature, are anticipated to increase both in frequency and inten-
sity in future (Woolway et al., 2021). The heatwave impacts are expected to
be especially relevant to shallow water systems as their temperatures are
highly related to the air temperature (Mooij et al., 2008). Release of organic
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P can be enhanced with increasing temperatures owing to accelerated de-
composition rates, whereas the redox sensitive P will be rapidly freed
under anoxia. Such conditions, higher temperatures, and stronger bottom
water anoxia (Jankowski et al., 2006) are consequences of climate change.
In addition, warming is also seen as an important factor that promotes algal
blooms (Paerl andHuisman, 2008) and therewith could lead to elevated pH
in surface waters. The climate impact-related factors temperature, redox,
and pH influence phosphate diagenesis and thus how much P can become
available (Holtan et al., 1988). Less evidence, however, is collected from
field studies on the impact of heatwaves on the effectiveness of restoration
measures. In the middle of our 2 months mesocosm experiment we re-
corded an extreme heatwave, which provided the opportunity for evalua-
tion of heatwave impacts on the efficacy of the four restoration measures.

We hypothesize that this heatwave, through its impacts on the oxygen
content of the water body (Jeppesen et al., 2021), could hamper the effi-
cacy of iron-lime sludge (Hypothesis 4). As a previous short-term laboratory
experiment demonstrated that the efficacy of Lanthanummodified benton-
ite can be hampered upon exposure to a heatwave (Zhan et al., 2021), we
hypothesize that the induced P-releasewill compromise the efficacy of Lan-
thanum modified bentonite (Hypothesis 5). Since dredging is designed to
remove the nutrient-rich top layer of the sediments, we expect no effect
of the heatwave on the efficacy of the dredging treatments (Hypothesis 6).

2. Methods and materials

2.1. Experimental set-up

A mesocosm experiment was carried out in a shallow urban canal (max
depth ca 3m) situated in the South of theNetherlands in themunicipality of
Geertruidenberg (coordinates in DMS: 51°42′12.0″N 4°51′40.8″E). The
canal has a stable water level owing to regulation of inletwaters (full capac-
ity= 0.06m3/s) by local water managers. Drought is therefore not consid-
ered a problem for this system throughout the year. The sediments at this
study site were sampled and analysed in September of 2018 (1 year prior
to the experiment) for determination of the chemical adsorbent dosages ap-
plied in the mesocosm experiment. The P fractions in the top 20 cm sedi-
ments (communicating depth) were determined by a sequential P-
fractionation analysis (Hupfer et al., 2009; Psenner et al., 1984), where
the following fractions were determined: the P dissolved in the pore
water (SRP), the redox-sensitive bound P (bound to Iron or Manganese),
the organic P, the acidity-sensitive P (bound to Aluminium or Calcium)
and the refractory P.
Fig. 1. (a) Experimental set-up; (b) Dynamics of monitored air temperature (AT; in pu
temperature (WT; in black points). As we observed no difference in the water temp
displaying the mean of the measured temperatures.
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The mesocosm experiment was carried out from 25-06-2019 to 19-
09-2019. In total, 20 mesocosms (clear Perspex cylinders with height:
2.25 m; diameter: 1.05 m) were exposed to four measures and one con-
trol treatment, yielding 5 treatments × 4 replicates. To allow for air-
water interactions and sediment-water interactions, the mesocosms
were open at the top and bottom, see Fig. 1a. The treatments were
assigned randomly to the mesocosms to account for the heterogeneity
of sediment and water conditions. The mesocosms were inserted ca.
30 cm deep in the sediment, with an overlaying water layer of ca. 1.6
m. The four measures tested include: iron-lime sludge (drinking water
production by-products), lanthanum modified bentonite (LMB), aera-
tion and dredging. The doses and/or application of these four measures
are introduced in Section 2.2 below.

At the mid of our experiment (22th of July–27th of July), an extreme
heatwave event –maximum air temperature 25.0 °C or higher– was re-
corded by Royal Netherlands Meteorological Institute (KNMI, https://
www.knmi.nl/nederland-nu/klimatologie/lijsten/hittegolven). This
heatwave had 4 tropical days (maximum temperature 30.0 °C or higher)
with a maximum of 40.7 °C (from the nearby weather station Gilze-Rijen,
https://www.knmi.nl/nederland-nu/klimatologie/daggegevens), which
was the highest recorded heatwave temperature since 1901 (the average
Dutch summer temperature ≈ 21.0 °C). During each sampling event we
monitored the water temperature, recording a time series of water temper-
ature dynamics at a time interval of 2–3 weeks. In addition to the measure-
ments, we ran FLake (http://www.flake.igb-berlin.de/), an open-resource
model, specifically designed to evaluate climate scenario's influences on in-
land waters and numerically predict water temperature and mixing regime
(Shatwell et al., 2019). This process-based model has a high level of param-
etrization, is well validated for inland waters and thus allowed us to simu-
late water temperature dynamics at a daily base. Details on how we
configured the FLake model for the Geertruidenberg canal system can be
found in the supplemental information Section 1. All the model parameters
are summarized in table SI-1. Based on themeasured and simulated temper-
ature dynamics (Fig. 1b), we incorporated the sampling event prior (12th of
July) and post heatwave (7th of August) in our analysis of the impacts of an
extreme heatwave. In such a way we included both the rising and falling
limb of the extreme heatwave. We refer to this period as the ‘heatwave
phase’ from hereon. Note that this heatwave phase differs from the defini-
tion of heatwave period by KNMI, which is defined as a succession of at
least 5 summer days (maximum air temperature 25.0 °C or higher) in De
Bilt (the headquarters of KNMI), of which at least three are tropical (maxi-
mum air temperature 30.0 °C or higher).
rple line) and modelled water temperature (WT; in blue line) and measured water
erature in the mesocosms and the surrounding canal water, we proceeded with

https://www.knmi.nl/nederland-nu/klimatologie/lijsten/hittegolven
https://www.knmi.nl/nederland-nu/klimatologie/lijsten/hittegolven
https://www.knmi.nl/nederland-nu/klimatologie/daggegevens
http://www.flake.igb-berlin.de/
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2.2. Restoration treatments

The sediment was characterized as fluffy with a density of 1.21± 0.04
kg/L. The sediment P fractionation analysis showed that the sediment is
nutrient-rich. This analysis showed that the P pool available for growth of
primary producers (the sum of pore-water P, redox-sensitive P, and organic
P) was 234.15 ± 9.88 μg P/g. When taking the acidity-sensitive P that be-
comes bio-available at very high or low pH, the mobile P averages to
291.32 ± 10.43 μg P/g. The amount of P in pore water was marginal.
The redox sensitive P and organic P were the most abundant P species in
our sediments.
2.2.1. Lanthanum modified bentonite (also called Phoslock®)
The dosage of lanthanum modified bentonite (LMB) was based on the

amount of potentially releasable P (=291.32 ± 10.43 μg P/g, including
pore-water P, redox-sensitive P, organic P, and pH-sensitive P) in the top
5 cm layer of the sediment (as in Lürling et al., 2017; Yin et al., 2021),
and weight ratio of LMB:P of 230:1 (as based on Lürling et al., 2014). The
water column total P (=SRP+particulate P) was assumed to be negligible
compared to the sediment P pools and thus not included into the determi-
nation of LMBdose. As such, we added 1.35 kg of LMB as a slurry to the bot-
tom of each of the four mesocosms using a 1.5 m tube in a rotating motion
in two doses on 25-06-2019 (by 89% = 1.2 kg LMB) and 26-06-2019 (by
the remaining 11% = 0.15 kg LMB), forming a layer of approximately
1 cm thick of LMB on the top of sediments.
2.2.2. Iron-lime sludge
On 25-06-2019, 13.4 kg of iron-lime sludge, collected from drinking

water treatment plant Veghel, was applied as a slurry via a 1.5 m tube
onto the sediments of each of the four mesocosms, resulting in a layer of ap-
proximately 1 cm thick of sludge. Measured concentrations of various ele-
ments in the iron-lime sludge can be found in supplemental Table SI-2.
Our dose resulted in an approximate addition of 495.4 g of Calcium,
215.0 g of Iron, 21.8 g of P, and 1.1 g of Sulphur to the treated mesocosms.
The P present in the iron-lime sludge has proven to not hamper eutrophica-
tion control in previous experiments (Remke et al., 2018), owing to its
favourable Fe/P and Ca/P ratios. Note that phosphorus adsorption capacity
of this material is not only dependent on sludge composition (i.e. Ca/Fe,
Fe/S) but also on other environmental conditions including redox condi-
tions and pH levels, resulting in a contextual dose-response relationship.
As a compromise, we followed the dosage that has proven to be successful
in locking P in previous experiments implemented in two eutrophic Dutch
ponds (Remke et al., 2018).
2.2.3. Dredging
On 25-06-2019, for dredging treatments ca. 30 cmof the silt layer of the

sediments were mechanically removedwith an excavator on a pontoon, be-
fore four mesocosmswere pushed into the dredged sediments. This method
was applied in another mesocosm experiment testing the effect of dredging
and Lanthanum modified bentonite in controlling phytoplankton nuisance
in a hypertrophic pond (Lürling et al., 2017). Removal of top sediments re-
sulted in the top edge of the four dredged mesocosms being slightly lower
relative to the non-dredged mesocosms (<30 cm). At all times during the
experiment, there was sufficient headspace in the dredged mesocosms to
prevent exchange with the surrounding canal water.
2.2.4. Aeration
Aeration tiles (AIRDisc 250®) with a fixed airflow of 250 L h−1 were

placed on the sediment and turned on at 26-06-2019, enriching the water
columnwith pressurized air. The aeration ratewas set to allow for sufficient
oxygenation while not creating air bubbles which can negatively impact
zooplankton (Cowell et al., 1987).
4

2.3. Water & sediment sampling

We sampled each mesocosm and the canal water 6–7 times at a time in-
terval of 2–3weeks over the experimental period for a suite of water quality
parameters, including analyses of phytoplankton (green algae, diatoms and
cyanobacteria), macronutrients (phosphorus and nitrogen), water transpar-
ency (Secchi depth) and metals (manganese-Mn, aluminium-Al,
lanthanum-La, iron-Fe). All sampling events were conducted at midday be-
tween 12 pm and 14 pm, such that our oxygen results did not reflect differ-
ences in primary productivity taking place over the course of the day, which
can be substantial in a hypertrophic system such as ours. A sample of the
top 50 cm of the water layer was taken for measurements of chlorophyll-a
fluorescence using a Phyto-PAM fluorometer (Walz, Effeltrich, Germany),
as a proxy of the phytoplankton biomass (Lürling et al., 2018), with the
chlorophyll-a fluorescence of cyanobacteria, green algae and diatoms dif-
ferentiated by blue, green and brown signals in emission lights, respectively
(Cabrerizo et al., 2020). After water samples were filtered over prewashed
GF/F filters (Whatman, Maidstone, U.K.), dissolved phosphorus (SRP), ni-
trite (NO2-N), nitrate (NO3-N) and ammonium (NH4-N) were determined
in the filtrate using a QuAAtro39 Auto-Analyzer (SEAL Analytical Ltd.,
Southampton, U.K.). The filters containing the residue were further used
for determination of particulate phosphorus (PP) using a digestion step.
In short, we incinerated the filters at 550 °C for 20 min, after which the fil-
ters were autoclaved with a 2% potassium persulfate solution at 121 °C for
30min. The resulting solutions were analysed for PP concentrations using a
QuAAtro39 Auto-Analyzer (SEAL Analytical Ltd., Southampton, U.K.). The
SRP and PP added up to be the total phosphorus (TP). The transparency of
thewater columnwas determined on sitewith a Secchi disc.We used induc-
tively coupled plasma - optical emission spectrometry (ICP-OES, Thermo
ICAP 6500-duo ICP) for measurement of total filterable metals, including
Ca, Al, La, Fe. In addition, we measured depth profiles of dissolved oxygen
(DO), pH using a Hydrolab multisensor probe (Hydrolab DS 5, Ott
Hydromet, Colorado, United States). To control for the impact of
mesocosms on the water quality, all of the above measurements were also
carried out in the canal outside of the mesocosms (ca. 1 m distance).

In addition, an extra sampling of the pore water of the top 10–15 cm
sediment was done using a Rhizon® soil sampler at the end of the
mesocosm experiment (19-09-2019). Porewater samples were analysed
using the same method and instruments described above for determination
of the water concentrations of dissolved nutrients and metal elements. In
addition, to gain further insight into the effect of our treatments on micro-
bial activity and their greenhouse gas production, we followed a headspace
equilibration technique (Halbedel, 2015; Magen et al., 2014) for determi-
nation of concentrations of dissolved carbon dioxide (CO2), methane
(CH4) and nitrous oxide (N2O) in the water column. GC-FID (Gas
Chromatography-Flame Ionization Detection) was used for determining
the headspace gas concentrations, and the gas concentrations in the water
column were calculated based on the equilibrium relationship between
water column and headspace (Zhan et al., 2021). Note that in this approach
the gas fluxes through bubbling are not included.

2.4. Statistical analysis

We used a multivariate analysis method, i.e. principal response curve
(PRC; Van den Brink and Braak, 1999), to visualize the overall responses
(principle response) in different restoration treatments over time. In this ap-
proach, a principle variable for each restoration treatment was produced
summarizing the variation in a set of response variables including Secchi
depth, dissolved oxygen (DO), pH, total phosphorus (TP) and dissolved
phosphorus (SRP), total chlorophyll-a (sum of chlorophyll-a of
cyanobacteria, green algae, and diatoms) and cyanobacterial chlorophyll-
a, which are the most relevant response variables regarding our research
questions. The weights of individual response variables on the principle re-
sponse curve are represented on the extra right y-axis (bk) in the PRC dia-
gram, indicating the contributions of individual variables to the principle
response patterns. Themesocosms without restoration treatments (control)
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were taken as a reference line, with its principal trajectory set to zero. As a
result, the deviations of other treatments from the control mesocosms can
be interpreted as an overall response to the restoration treatments (repre-
sented in the left y-axis of PRC: expressed as the coefficient of treatment re-
sponse, Cdt) over time (x-axis). The canal water was taken as another
treatment for evaluation of the potential effects of mesocosms (i.e. isolation
of a water volume from the surrounding canal water). Note that the pat-
terns of the overall responses are influenced by selection of the variables.
We have selected the water quality variables that are of importance in
terms of evaluation of heatwave and treatment impacts.

Further, we used linear mixed effect models to test for significant differ-
ences in the response parameters between the treatments over time (LME;
Lindstrom and Bates, 1988). The linear mixed effect model allows for test-
ing both fixed effects as well as random effects. Mesocosm identity was in-
cluded in LME as a random effect to account for the heterogeneity between
different mesocosm sites. To evaluate the treatment-related changes in re-
sponse variables over the whole experimental period, we included the res-
toration treatments and the experimental time as fixed effects. In addition,
to evaluate the effect of nutrient availability for the dynamics of algal bio-
mass, dissolved phosphorus (SRP) and dissolved ammonium (NH4-N)
were included as predictor variables in the LMEmodel for the response var-
iables total chlorophyll-a and cyanobacteria chlorophyll-a.

To evaluate the effect of occurrence of an extreme heatwave on the ef-
ficacy of the different measures, observed water temperature was included
as an additionalfixed effect during the heatwave phase (12th of July–7th of
August). In this analysis, time was excluded as there were only three sam-
pling points during this period. We regard this as a solution for evaluating
heatwave impacts in a field experiment where a control treatment of
heatwave is not possible.

We used depth-integrated values for the variables DO and pH in the data
analysis, as the depth profiles of these variables showed limited variability
with depth. We confirmed this absence of stratification during the experi-
mental period with our FLake simulation results.

We used a Shapiro–Wilk test (Ghasemi and Zahediasl, 2012) to test for
normality of model residuals and if needed, different data transformation
methods were applied, including logarithmic, reciprocal and square root.
Breusch Pagen test (Waldman, 1983)was used to check for heteroscedastic-
ity of the residuals and if needed, a weighted linear mixed-effect model was
carried out to correct for deviations from homoscedasticity.

To evaluate treatments effects on the nutrients in the sediment pore
water (sampled at the end of the experiment), we used one-way ANOVAs.
Tukey's range test was utilized to compare the means of Greenhouse Gas
(GHG: CO2, CH4, andN2O) concentrations between the different treatments
Fig. 2. Principal response curve of water quality parameters. The principal response
cyanobacteria chlorophyll-a, SRP, TP, NH4-N, NO2-N and NO3-N. The PRC shows the
each restoration treatment on the left y axis, with the control mesocosms trajector
parameters (bk) on the overall system response curves are displayed on the right y-axis.
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(Tukey, 1949). All statistical analyses and data visualization were per-
formed in R language (R Core Team, 2019). We used the packages lubridate
(Grolemond and Wickman, 2011), nlme (Pinheiro et al., 2019), dplyr
(Wickham et al., 2019), and vegan (Oksanen et al., 2019). In addition, we
used colour-blind-friendly colour palette for visualizations of our results fol-
lowing Wong (2011).

3. Results

3.1. Intervention treatment effects on water quality

Our PRC model (Fig. 2) revealed that among the four restoration treat-
ments the Lanthanum modified bentonite (LMB) groups showed the stron-
gest mitigation potential relative to the control treatments, followed by the
dredging and iron-lime sludge treatments. The aeration treatment showed
the least deviation from the control mesocosms, reflecting its limited poten-
tial for water quality improvement. In addition, the principal response
curve of the surrounding canal water showed a distinct negative deviation
from the control treatment, indicating a strong mesocosm effect on the
water quality dynamics.

The response variables Secchi depth, total chlorophyll-a and
cyanobacteria chlorophyll-a accounted for the largest contribution to the
variation in the principle response variable, with TP, pH and DO only
playing a minor role in determining the overall response patterns. Secchi
depth and nutrients developed in opposite directions to the chlorophyll-a
variables, pH and DO, indicating a negative correlation between these
two sets of parameters.

Over the course of the experimental period, our LME model detected a
significant decrease in dissolved oxygen (DO) concentrations over time,
from an initial value of 11.0 ± 0.5 mg/L down to 5.7 ± 0.2 mg/L at the
end of the experiment (DO log-transformed: effect of time = −0.12, F1,
111 = 90.0, p < 0.001, Fig. 3a). The restoration treatments did not show a
significant effect on the DO dynamics.

The LMEmodel detected a significant increase in Secchi depths over the
course of the experiment (effect of time= 0.03, F1, 111= 24.8, p < 0.0001,
Fig. 3b). The restoration treatments also had a significant impact on Secchi
depth relative to the control (F5, 15 = 4.13, p = 0.01), with the largest in-
creases in transparency in the dredging treatment (by 38.5 ± 15.5%),
followed by the LMB treatment (by 19.1±15.1%) and the iron-lime sludge
treatment (by 11.1±15.0%),whereas the aeration treatment showed a de-
crease in Secchi depths (by 13.0±15.1%). Secchi depths inmesocosms im-
proved in comparison to the canal water (estimate of difference =−34.3,
DF = 15, t-value = −1.83, p = 0.087). The Secchi depth in the canal
curve model included the parameters Secchi Depth, DO, pH, total chlorophyll-a,
trajectory of each treatment response (coefficient of treatment response, Cdt) for
y set to 0. The x-axis represents time. The weights of individual water quality



Fig. 3. Dynamics of (a) dissolved oxygen (DO), (b) Secchi depth, and (c) pH values in the water column. Error bars illustrate standard errors.

Fig. 4. Soluble reactive phosphorus (SRP) in the water column (a) and in the sediment pore water (b), total phosphorus (TP= SRP+ particulate P) (c), and Lanthanum (La)
concentration (d) in the water column. The La concentrations in one mesocosm (“+” points in orange colour) were represented separately, as the observed concentrations in
this mesocosm strongly deviated from the rest of levels found in the other mesocosms on 12th of July. Error bars illustrate standard errors.
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stayed at low levels (56.9 ± 1.2 cm) over the entire course of the experi-
ment.

The pH levels in the water columns started at high levels (mean= 9.28
± 0.02) and decreased significantly over time (effect of time = −0.005,
F1, 111 = 19.46, p < 0.0001; Fig. 3c), without significant differences be-
tween the different restoration treatments.

Over the experimental period, the LME model detected a significant
time effect on the dissolved phosphorus levels (SRP, estimate of time effect
= 0.0007, F1, 110= 17.82, p < 0.0001, Fig. 4a). The mesocosms were SRP-
depleted at the start of the experiment (< 0.6 μg P/L), after which the SRP
concentrations started to rise, reachingmaximum concentrations of 82.2±
16.3 μg P/L on 24th of July. In the end of the experiment, the SRP levels de-
creased to 30.1± 5.5 μg P/L. The restoration treatments showed no signif-
icant effect on the SRPdynamics. The SRP concentrations in the canal water
were lower than in the mesocosms during the experimental period (9.2 ±
2.1 μg P/L), showing no initial increase as observed in the mesocosms. At
the end of the experimental period, our one-way ANOVA model detected
no significant differences in the pore-water SRP concentrations between
restoration treatments (F5, 18 = 1.01, p = 0.44; Fig. 4b). The SRP concen-
trations in the pore water were comparable with the maximum water col-
umn concentrations as observed on 24th of July with average
concentrations of 85.7 ± 15.1 μg P/L.

The total phosphorus concentrations (TP) increased significantly over
the experimental period (estimate of time effect by LME model = 0.009,
F1, 110 = 31.55, p < 0.0001, Fig. 4c). The LME model detected no effect
of the restoration treatments on TP levels, and there was no distinct differ-
ence between the TP levels in the canal water and the mesocosm water.

The LME model revealed that the lanthanum concentrations (La) in the
water column of the LMB treatments were significantly higher relative to
the control mesocosms (estimate of difference = 1.8 μg/L, DF = 15, t-
value = 2.94, p = 0.01; Fig. 4d).

Over the whole experimental period, the LME model detected a signifi-
cant Time× Restoration treatment effect on total chlorophyll-a concentra-
tions (F5,103 = 4.1, p = 0.0021; Fig. 5a). Overall, the total chlorophyll-a
concentrations started at a high level of 57.7± 1.9 μg/L, reaching the low-
est level of 14.9 ± 5.4 μg/L at the end of July, which coincided with the
peak in nutrients (Fig. 4, SRP = 82.2 ± 16.2 μg/L; Fig. S1, NH4-N =
0.91 ± 0.07 mg/L) as observed during the heatwave phase (Fig. 1b).
After the heatwave phase, the total chlorophyll-a concentrations increased
with concentrations at the end of the experiment reaching levels of 44.0±
6.1 μg Chl-a/L. Our LME model detected a significant difference between
the restoration treatments (F5, 15 = 5.98, p = 0.0031), with the dredging
treatment resulting in a 62.5 ± 39.9% reduction in Chl-a levels relative
to the control treatment. Compared with the control mesocosm, the LMB
treatment reduced Chl-a levels by 48.2 ± 39.5%, while the iron-lime
Fig. 5. Total chlorophyll-a concentration (a) and cyanobacterial chlorophyll-a concen
concentrations in one mesocosm (blue-bluish green points) were represented separatel
of levels found in the other mesocosms on 27h of June. Error bars illustrate standard err

7

sludge treatment reduced Chl-a levels by 46.2 ± 41.2% by the end of the
experiment. The aeration treatment showed no distinct difference with
the control treatment. The control treatment had significantly lower total
chlorophyll-a concentrations relative to the surrounding canalwater, show-
ing a reduction in end concentrations by 82.2 ± 41.2%. In addition, our
LME model detected significant effects of nutrient availability on the total
chlorophyll-a levels (estimate of SRP effect = −32.46, F1,108 = 28.94, p
< 0.0001; estimate of NH4-N effect=−32.04, F1,108=27.09, p< 0.0001).

For the cyanobacteria chlorophyll-a, the LME model showed an overall
increase during the experimental period (estimate of time effect = 0.13,
F1,108 = 31.93, p < 0.0001; Fig. 5b). After an initial decrease from 5.84
±1.88 to 0.89±0.15 μg/L the concentrations increased continuously end-
ing with a relatively high level of 10.06± 1.32 μg/L. The restoration treat-
ments showed significant effects on the cyanobacteria chlorophyll-a levels
(F5, 15= 5.37, p=0.005), with the largest reduction relative to the control
treatment in the end concentration of cyanobacteria chlorophyll-a by the
dredging treatment by 58.5 ± 33.8%, followed by the LMB treatment by
51.6 ± 32.2% and by the iron-lime sludge treatment by 40.8 ± 33.7%,
whereas the aeration treatment did not reduce the cyanobacteria
chlorophyll-a levels. Similar to the total chlorophyll-a measurements, the
cyanobacteria chlorophyll-a concentrations in the control mesocosms had
a much lower level compared to the canal water, showing a reduction of
82.8 ± 34.6%. Comparable to the results of the total chlorophyll-a LME
model, the cyanobacteria chlorophyll-a LME model also detected signifi-
cant effects of SRP andNH4-N on the cyanobacteria chlorophyll-a levels (es-
timate of SRP effect = 9.31, F1,108 = 5.28, p = 0.02; estimate of NH4-N
effect = −5.08, F1,108 = 6.29, p = 0.01).
3.2. The heatwave effects on water quality and intervention treatment efficacy

During the heatwave phase, our LME model did not detect a significant
main effect of temperature on DO concentrations. However, during the
heatwave phase the restoration treatments showed a significant effect on
the DO levels relative to the control treatment (F5, 15 = 5.45, p =
0.0047), with increased DO concentrations in the dredged treatment (by
12.3 ± 6.4%) and decreased DO concentrations in the LMB treatment (by
10.1 ± 6.4%) and iron-lime sludge treatment (by 8.5 ± 6.4%). There
was no significant difference in the aeration treatment (by 2.6± 6.4%) rel-
ative to the control treatment. The control treatment had significantly
lower DO concentrations relative to the surrounding canal water (by 19.3
± 7.4%).

During the heatwave phase, our LME model indicated that Secchi
depths increased significantly with water temperatures (main effect of tem-
perature = 7.36, F1,44 = 17.25, p = 0.0001). The main effect of
tration (b) in the water column. The cyanobacterial chlorophyll-a concentration
y, as the observed concentrations in this mesocosm strongly deviated from the rest
ors.
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temperature, however, was not treatment-dependent, indicating no treat-
ments effects on the responses in water transparency to heatwave exposure.

The LMEmodel detected a significant difference in the pH dynamics be-
tween the restoration treatments (F5, 15 = 6.06, p < 0.003) relative to the
control treatment, with increased pH levels in the dredging treatment (by
0.77 ± 0.97%) and aeration treatment (by 1.89 ± 0.98%), and decreased
pH levels in the LMB treatment (by 1.16 ± 0.97%). The iron-lime sludge
treatment showed no distinct difference with the control treatment (by
0.48±0.97%). The control treatment had significantly lower pH levels rel-
ative to the surrounding canal water (by 1.53 ± 1.17%). The LME model
detected no main effect of temperature on the pH dynamics.

During the heatwave phase, LME model detected a positive main effect
of temperature on the SRP levels (SRP log-transformed: estimate of temper-
ature effect = 0.40, F1,44 = 27.11, p < 0.0001), resulting in a mean rise of
37.4 μg P/L compared to the prior-heatwave phase (days 0–16). Similar to
the SRP, the TP concentrations increased with water temperatures during
the heatwave phase (TP log-transformed: estimate of temperature effect
= 0.089, F1,44 = 4.35, p = 0.04).

During the heatwave phase, LME model showed that the total
chlorophyll-a levels decreased with the water temperatures (total
chlorophyll-a log-transformed: estimate of temperature effect = −0.16,
F1,43=19.65, p=0.0001). Similar to the analyses of the entire experimen-
tal period (see above), the availability of NH4-N had a significant effect on
the total chlorophyll-a concentrations during the heatwave phase (total
chlorophyll-a log-transformed: estimate of NH4-N effect = −2.21, F1,43
= 4.89, p=0.03). The availability of SRP, however, had no significant ef-
fect on the total chlorophyll-a levels during the heatwave phase.

During the heatwave phase, LMEmodel detected no main effect of tem-
perature on the development of cyanobacteria chlorophyll-a. Regarding the
nutrient effects on the cyanobacteria chlorophyll-a, the effect of NH4-N
availability remained (cyanobacteria chlorophyll-a square root-
transformed: estimate of NH4-N effect = −1.34, F1,43 = 8.33, p =
0.006) but the SRP effect disappeared.
Fig. 6. Box plot (10%, 25%, 75% and 90% percentiles) of the concentrations of dissolved
of the experiment (19-09-2019).
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3.3. Treatment effects on dissolved greenhouse gas concentrations

The LMB treatment had the highest dissolved GHG concentrations at
the end of the experiment, while the aeration treatment had the lowest dis-
solved GHG concentrations (based on Tukey test, see also Fig. 6). For in-
stance, the LMB mesocosms had significantly increased dissolved CO2

values in comparison to the control mesocosms (estimate of difference =
64.0 μmol/L, p = 0.08) and to the aerated mesocosms (estimate of differ-
ence = 90.2 μmol/L, p = 0.01).

With respect to the concentrations of the dissolved CH4 at the end of the
experimental period, the aerated mesocosms showed decreased values in
comparison to the control mesocosms (estimate of difference = 4.3
nmol/L, p=0.07) and to the iron-lime sludge mesocosms (estimate of dif-
ference = 4.5 nmol/L, p = 0.06); The LMB mesocosms had higher dis-
solved CH4 values than the aerated mesocosms (estimate of difference =
7.9 nmol/L, p < 0.005) and dredged mesocosms (estimate of difference =
4.4 nmol/L, p = 0.07).

With respect to the concentrations of dissolved N2O, the aerated
mesocosms had significantly lower values than the control mesocosms (es-
timate of difference = 19.7 nmol/L, p = 0.02), iron-lime sludge
mesocosms (estimate of difference = 18.0 nmol/L, p = 0.05), and LMB
mesocosms (estimate of difference= 34.3 nmol/L, p < 0.005). In addition,
the LMB mesocosms had higher dissolved N2O concentrations than the
mesocosms that were exposed to the iron-lime sludge mesocosms (estimate
of difference= 16.3 nmol/L, p=0.08) and the dredging mesocosms (esti-
mate of difference = 21.8 nmol/L, p = 0.01).

4. Discussion

In this study, we compared four restoration measures with respect to
their efficacy of reducing phytoplankton and improving water quality in
an urban canal using a mesocosm approach. This type of experiments com-
paring different intervention measures at a near-realistic level of
methane (a – CO2), carbon dioxide (b – CH4), and nitrous oxide (c –N2O) at the end
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environmental complexity are few and far between. Here, we also evalu-
ated how the efficacy of these interventions is impacted by exposure to an
extreme heatwave in the middle of the experiment. This addressed the
knowledge gap we currently face regarding the usefulness of commonly ap-
plied restorationmeasures under future climate scenarios. At the end of this
discussion section, we will propose a conceptual model on potential routes
through which measures to mitigate water quality deterioration might be
affected by heatwaves. To our knowledge, such a comprehensive concep-
tual model is still lacking in literature and can provide a starting point for
future validation.

The study site was a hypertrophic shallow water system according to
the Carlson trophic state index (TSI; Carlson, 1977). The experiment fo-
cussed on the reduction of the internal loading as a means to mitigate
water quality deterioration, with most of the external loading effectively
blocked in our type of mesocosm. The experiment started at the end of
June with rather high phytoplankton biomasses (initial total chlorophyll-
a= 57.7± 1.3 μg/L) and depleted SRP concentrations (< 0.6 μg P/L), pre-
sumably due to high nutrient uptake by phytoplankton. Overall, the dis-
solved oxygen concentrations in the mesocosms decreased over the
lifetime of the experiment, indicating that the systems were shifting from
a primary production-dominant to a decomposition-dominant system.

4.1. Comparison of intervention measures

Among the tested four restoration treatments, the dredging treatments
exhibited the greatest efficacy with respect to reduction of total phyto-
plankton biomass (evidenced by total chlorophyll-a), cyanobacteria bio-
mass (evidenced by cyanobacteria chlorophyll-a), and improvement on
water transparency (evidenced by Secchi depth). The dredging treatments
aimed at removing the top nutrient-rich sediments, resulting in newly ex-
posed sediments with lower nutrient release (estimate of the P loading =
0.2–0.7 P/m2/day; Van Herpen, 2019). While the other three restoration
measures only targeted immobilization of inorganic P, dredging of top
30-cm sediments will also result in a reduction of nitrogen (Fig. S1) and as-
similable carbon in the organic matter that may facilitate microbial growth
leading to oxygen depletion and release of redox-sensitive P (Yin et al.,
2021). Moreover, there is increasing evidence that phytoplankton can
also uptake organic nutrients for their growth (Bentzen et al., 1992; Boyer
et al., 2006; Znachor and Nedoma, 2010). The anticipated decline in or-
ganicmatter content in the newly exposed sedimentsmay lead to decreased
oxygen consumption, supported by the temporally increased DO and pH
during the heatwave phase (Fig. 3). Such an increase of DO concentrations
in the dredging treatments disappeared after the heatwave phase, which
can be caused by the sedimentation of phytoplankton charging the newly
exposed sediments with organic nutrients (Lürling and Faassen, 2012).

The lanthanum modified bentonite (LMB) treatments exhibited com-
parative efficacy compared with the dredging treatments, confirming the
first hypothesis. We expected that the LMB treatments would immobilize
SRP from the water columns into the sediments, which was not supported
by the observations of SRP concentrations in the water column showing
no distinct deviations from the control treatments. A rough estimate of P
fluxes using the water column SRP data from July 12th and July 24th re-
sulted in as high as 16 mg P/m2/d in LMB treatments and 12 mg P/m2/d
in controls, and these estimates were even with uptake by phytoplankton.
This level of P loading is much higher than the critical value for this system
shifting from a clear state to a turbid state (estimate = 2.2 mg P/m2/day;
Van Herpen, 2019). The high P-fluxes in LMB treatments are probably
due to ebullition of gas transporting sediment nutrients into water, evi-
denced by the relatively high CO2 and CH4 gas concentrations in LMB treat-
ments (Fig. 6). Previous studies indicated that the ebullition of gases from
sediments can be an important mechanism for nutrient transport from the
sediment into overlying water in eutrophic lakes (Varjo et al., 2003). This
result contrasts other studies that have showna strong SRP reduction capac-
ity of LMB, also under anoxia (e.g. Funes et al., 2021; Li et al., 2019), but
finds support in another mesocosm study that observed hampered SRP
binding by LMB (Lürling and Faassen, 2012). There may be several factors
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responsible for those deviating performances. The high pH at the start of
the experiment (pH 9.7) implied strong competition between phosphate
and hydroxyl ions for binding sites; the binding capacity of LMB at pH
9.5 is about one-third of the binding capacity at pH 7 (Li et al., 2019). Fil-
terable La in the water column over the course of the experiment did not
bind with SRP (Fig. 4d), which may be attributed to the presence of high
DOC prevailing in eutrophic water bodies (background concentration in
the canal = 6.37 ± 1.74 mg/L, unpublished data Water Authority
Brabantse Delta), preventing phosphate precipitation by La-clay chelation
(Lürling et al., 2014). Field observations from multiple lakes suggest that
DOC concentrations negatively influence the efficacy of LMB (Spears
et al., 2016) and such negative impacts by DOC will not disappear after 1
year (Dithmer et al., 2016). Note that although we observed overall higher
La concentrations in the overlyingwater of the LMB treatments, they are far
below the Dutch standard for surface water (10.1 μg La/L; Sneller et al.,
2000) during most of the time except for one mesocosm which temporally
exceeded the standard reaching 21 μg La/L on 12th of July, but dropped
down to 2 μg La/L immediately at the next sampling. Our LMB results
were in line with Li et al. (2019) demonstrating that the presence of phyto-
plankton can act as a P sink and thus hampering P adsorption by LMB. They
found that an intensified dosage of LMB can mitigate such inference from
phytoplankton. Moreover, Lürling and Faassen (2012) demonstrated that
combined sediment dredging and LMB addition is a more promising mea-
sure than their treatments alone.

The iron-lime sludge exhibited amoderate efficacy, with a performance
better than aeration but worse than dredging and LMB treatments, confirm-
ing our second hypothesis that the application of iron-lime sludge on the
sediment is less effective in reducing phytoplankton biomass. Fe measure-
ments of the water column as well as pore water (Fig. S2) showed iron-
lime sludge did increase the Fe pool. The sediment P-fractionation results
(Fig. S3a) showed that organic P is the second common P fraction after
the redox-sensitive P accounting for approximately 35% of the mobile P.
Mineralization of organic matter would exhaust the oxygen pool. Thus,
the sediments were highly likely to be reducing (also reflected by the de-
creased DO concentrations in the iron-lime sludge treatments, Fig. 3a and
Fig. S3b), leading to an increasing fraction of Fe2+ reducing P retention ca-
pacity of the sediment (Gächter andMüller, 2003). The optimum pH values
for FeP binding is 4–5.5 (Kraal et al., 2015), while the CaP bond can dis-
solve under acidic conditions (Gon Kim et al., 2002; Ippolito et al., 2003).
We observed no distinct difference in the calcium concentrations in the
water column between the iron-lime sludge treatments and other treat-
ments (Fig. S2), suggesting no CaP dissolution. Huang et al. (2005) demon-
strated that P release in response to pH variations in lake sediments is
dependent on a ratio of Fe-P content to Ca-P content, with high Fe-P/Ca-P
ratio releasing P under alkaline conditions and low Fe-P/Ca-P ratio releas-
ing more P under acidic conditions. In our Iron-lime sludge, Ca accounted
for a larger proportion than Fe (Table S1), thus, being acidity-sensitive.
However, the pH in the water columns remained high in our systems (pH
> 8.8, Fig. 3c) presumably owing to the presence of a high phytoplankton
biomass consuming inorganic carbon. Thus, in this system the efficacy of
Iron-lime sludge is more likely to be redox-related than pH-related.

In agreement with our third hypothesis, the aeration treatments
were unable to stimulate the iron trap of sediment phosphorus and hin-
der the growth of phytoplankton, with an end concentration compara-
ble to the control mesocosms (Fig. 5). Previous studies demonstrated
that any form of mixing of water columns in shallow water bodies (<
15 m) can lead to a negative effect on the water quality (Visser et al.,
2016). This is because in such shallow water bodies (<2 m), oxygena-
tion by air pumping will inevitably enhance sediment resuspension.
The direct consequence of sediment resuspension is decrease in water
clarity as reflected by the decreased Secchi depth in comparison to the
control mesocosms (see Fig. 3b). Another unfavourable consequence
of enhanced sediment resuspension may likely be sediment nutrients re-
lease, which will fuel the phytoplankton growth in the surface water.
The favourable effect of aeration we expected was increased DO in the
water columns and in the sediments, preventing release of redox-
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sensitive P (Cavalcante et al., 2018). Based on the water column DO
measurements (Fig. 3a, DO concentrations and Fig. S3b for DO satura-
tion) as well as the pore water nutrient concentrations (Fig. 4b for SRP
and Fig. S1 for NH4-N and NO2-N), we have to reject this hypothesis
as we observed no distinct difference between the aeration treatment
and the other treatments. This might be related to the large pool of or-
ganic matters in the sediments (Remke et al., 2018) and the observation
that decomposition of resuspended sediment organic matters can lead to
high DO consumption. Gächter and Wehrli (1998) demonstrated that
oxygenation was unable to increase the P retention capacity of the sed-
iment in presence of excessive organic matter. In conclusion, aeration is
not a suitable measure in eutrophication control in shallow water sys-
tem.

In addition to these four measures, the mesocosm treatment itself
showed significant effects on water quality (grey area in Fig. 2). The di-
rect consequences of mesocosm treatments are isolation from the sur-
rounding canal water, which occasionally receives an inlet discharge
of 0.06 m3/s when the inlet was fully operated (Van Herpen, 2019).
This resulted in a dramatic reduction of external nutrient loading (esti-
mate = 2.77 mg P/m2/day; Van Herpen, 2019), absence of fish (esti-
mate = 772.8 kg/ha; Van Herpen, 2019), and shelter from wind
resulting in decreased mixing of water and sediment resuspension (indi-
cated by the increased Secchi depth in mesocosms, Fig. 3b). Absence of
fish will lead to decreased grazing pressure on zooplankton (Jeppesen
et al., 1997) and reduced bioturbation of sediments (Adámek and
Maršálek, 2013). In a mesocosm experiment by Lürling et al. (2017) in-
creased Rotifer and Cladocera abundances were observed, supporting
this hypothesis. This could partly explain the lower phytoplankton
abundance in the mesocosms owing to increased grazing pressure
from zooplankton. The higher P loading in canals, however, did not
translate to a relatively higher concentration of SRP relative to the
mesocosmwater. This is likely to be a result of the higher phytoplankton
biomass in the canal resulting in larger amounts of P-uptake (Riegman,
1985).

4.2. Heatwave impacts on the internal P cycling

During the heatwave phase, we observed in all mesocosm treatments
an increase of SRP concentrations in the water column by on average
270.3%, with a mean concentration of 30.1 μg P/L at the end of the ex-
periment. Previous modelling studies (Janse, 2005) demonstrated that a
SRP concentration of 50 μg P/L can result in an ecosystem shift from the
clear state to the turbid state. This shows that the temperature effect de-
tected in our data (a rise of the SRP concentration of 10 μg P/L/°C) is
highly relevant. The increases in SRP concentrations coincided with in-
creased phytoplankton biomass in the last month (Fig. 5) and decreased
water transparency (Fig. 3b). However, the increases in phytoplankton
biomass showed a lagged response to the increases in nutrient concen-
trations. This mismatch could be due to the previous depletion of envi-
ronmental SRP concentrations resulting in a low internal nutrient
content (‘cell quota’) in the phytoplankton cells (Droop, 1974). It likely
took some time for the organisms to rebalance their cell quota resulting
in a delayed response in their biomass. This phenomenon is modelled by
the well-known Droop equation in ecological models (e.g. PCLake;
Janse, 2005). A potential explanation for our observations is thus that
sediment SRP release was taken up quickly once phytoplankton attained
sufficient biomasses, resulting in a depleted SRP concentration in the
water column until the end of the experiment. Evaluating this hypothe-
sis on the nutrient uptake by phytoplankton is difficult in such in-situ
mesocosm experimental set-up, where there is unlikely to be a control
treatment for primary productivity. Our fourth hypothesis that the effi-
cacy of iron-lime sludge will be hampered by increased water tempera-
ture was not rejected as was our fifth hypothesis that heatwave exposure
resulted in P-release from lanthanum modified bentonite treated sedi-
ments. The heatwave-induced P-release was not re-immobilized despite
the presence of available La (Fig. 4d), at least at a time scale of months.
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Similar results were observed in a previous laboratory study (Zhan
et al., 2021), which supported our conclusion that the heatwave-
induced P-release is long-lasting and will not disappear immediately
post to heatwave. Additional experiments are needed to investigate
the changes of LaP binding capacity upon heatwave exposure. Our
sixth hypothesis that there is no heatwave effect on the efficacy of
dredging is rejected as the dredging was shown to be unable to mitigate
the heatwave-induced increases in P-releases. In summary, the efficacy
of all the tested measures was reduced during the heatwave phase.

Greenhouse gas (GHG) emission of water bodies is substantial (Li
et al., 2021; Rosentreter et al., 2021) and is promoted by eutrophication
(Beaulieu et al., 2019; Davidson et al., 2015). Climate change might re-
duce the efficacy of interventions (Rolighed et al., 2016; Zhan et al.,
2021), as indicated by this study as well. If interventions become less ef-
fective, water quality deteriorates even further, resulting in more GHG
emissions (Li et al., 2021). These extra contributions to climate change
pose a negative feedback to the efficacy of interventions. Thus, insight
into the impact of interventions on GHG emissions is needed to reduce
the reinforcing effect that eutrophication has on GHG emissions (Moss
et al., 2011) and at the same time to provide an instrument for water
managers to incorporate GHG emissions when selecting a treatment.
Our dissolved GHG measurements indicated that LMB may not be a
promising restoration measure in terms of mitigation of GHG emissions,
given its overall higher GHG concentrations than other treatments
(Fig. 6). It was unexpected that the LMB treatments showed higher
GHG values than the control treatments given that LMB applications
should not target organic carbon. A potential cause for this may be
that the newly formed LMB layer on the top of sediments hampers oxy-
gen penetration creating a favourable anoxic environment for microbial
gas production. Surprisingly, the dredged mesocosms did not show a
significant reduction in GHG concentrations with treatments other
than LMB. We speculate that the dredging exposed sediments did not
differ substantially in organic C content relative to the non-dredged sed-
iments. This research gives an indication of GHG emissions caused by
promising interventions (Fig. 6), though GHG flux of ebullition needs
to be incorporated to provide an accurate estimation of the GHG emis-
sions from sediments.

We propose a graphical model illustrating the underlying mechanisms
for heatwave impacts on the efficacy of intervention measures (Fig. 7). In
general, the P cycle can be divided into two compartments, one represent-
ing a biological P loop that involves P fluxes between organic P and labile P
via biological processes (i.e. decomposition and primary production), an-
other representing a chemical P loop that involves P fluxes between chem-
ical bound P (including Lanthanum bound P; redox-sensitive P: Fe/Mn-P;
and pH-sensitive P: Al/Fe-P) and labile P via chemical sorption and desorp-
tion processes. Our results indicated that heatwave exposure increased the
phosphorus pools stored in the biological loop, whereas the phosphorus
pools in the chemical loop decreased.

The heatwave effect can play a role in phosphorus cycling through sev-
eral mechanisms. Firstly, increasing temperature enhances decomposition
of organicmatter and release of detrital nutrients (Gudasz et al., 2010). Fur-
thermore, the decreased oxygen concentrations as a result of enhancedmin-
eralization and respiration could lead to anoxic conditions at the sediment
resulting in release of redox-sensitive phosphorus (Fe- and Mn-bound P;
Cavalcante et al., 2018).

In addition, increasing DOC levels resulting from decomposition of
organic matter has been found to interfere with the precipitations of
LaP (Lürling et al., 2014; Spears et al., 2016) and CaP (Cao et al.,
2007; Sindelar et al., 2015), thus, decreasing phosphorus immobiliza-
tion via these pathways. Lei et al. (2018) suggests that high pH can over-
come the negative DOC effects on CaP. The pH level is elevated owing to
increased primary production and enhanced uptake of inorganic car-
bon. High pH would facilitate desorption of pH-sensitive P (Fe-/Al-P).
Some laboratory experiments demonstrated negative impacts of high
pH on the P removal efficacy of LMB (Kang et al., 2021), and attributed
it to competition with hydroxyl ions for binding sites. However, the pH



Fig. 7. Conceptual model illustrating the interaction between environmental conditions and internal phosphorus cycling. The solid lines represent the P fluxes between
different P forms. The dashed lines with the “+” and “-” are the positive or negative effects on P fluxes during a heatwave event.
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effects on Ca-/La- P precipitation are either established in short labora-
tory experiments or far from reaching a consensus. Thus, we decided not
to include the pH effects on Ca-/La- P precipitation in our model.

With phosphorus pools locked in the biological loop, the chemical im-
mobilization of labile P was inhibited. This maybe especially true for sum-
mer conditions, when temperatures are high and primary production is
intensive, a high amount of P is stored in organisms, hampering the P-
adsorption efficacy of chemical adsorbents, which underpins the impor-
tance of planning restoration activities during periods when most P is not
already stored in biota. It is anticipated that inland waters may have pro-
longed growing seasons with a higher risk of long-lasting algal blooms
under the effects of global warming, which is currently, however, rarely
taken into consideration by lake managers when applying restoration mea-
sures (Jeppesen et al., 2007). In addition, warm lakes tend to be more pro-
ductive than similar cold lakes, with everything else equal (Jeppesen et al.,
2020). Our results on this temperate shallow urbanwater system could pro-
vide implications for eutrophication management of tropical lakes when
selecting treatments, inwhich the restoration efforts aremuch limited com-
pared to the lakes in the temperate zone (Thornton, 1987). Our results sug-
gest that the intervention measures that only target SRP might take longer
in inhibiting phytoplankton biomass in temperate systems when applied
during warm periods with high rates of biological processes, whereas
they might not be promising in tropical systems with no period where
there is low organismal biomass (i.e. perannual growth).

Knowledge about the influence of temperature on chemical P bind-
ing capacity is lacking. Although it is hypothesized that warmer water
can facilitate interactions between chemical compounds through in-
creased kinetic energy, such positive temperature effects on P binding
capacity are not conclusive for LMB and aluminium salts (Kang et al.,
2021). We hypothesize that in highly productive systems temperature
effects on biological processes are more important to nutrient cycling
when compared with the direct temperature effects on the chemical nu-
trient de−/sorption, as most of the nutrients exist in organic forms. For
these reasons, the temperature effects on chemical reactions are not in-
cluded in our conceptual model.
11
5. Conclusions, caveats and recommendations

Using a replicated near-real world mesocosm study, we tested the effi-
cacy of four restoration measures to control internal P-loading in a hyper-
trophic shallow urban system impacted by an extreme summer heatwave.
Our sampling time interval was rather large for an event analysis, with
high frequency measurements likely providing a more detailed insight on
the water quality dynamics of the restored water.

Notwithstanding the limitations of our sampling regime, we were able
to derive a conceptualmodel that explains the underlying pathways that de-
termine the cycling of phosphorus between different forms, which can im-
prove our understanding and prediction of the efficacy of restoration
measures under future climate scenarios. Measurements of more variables
such as dissolved organic carbon and the sediment redox potential are
needed for validating the proposed conceptual model.

The take home messages of our study:

1. Dredging and Lanthanum modified bentonite are more effective than
iron-lime sludge in decreasing phytoplankton biomass and improving
water clarity.

2. Near-sediment aeration was not able to stimulate the iron trap in the
sediment in shallow water systems.

3. The efficacy of the tested measures was hampered by a heatwave. We
speculate that the heatwave, through its accelerating impacts on bio-
geochemical processes, locked P pools in the biological loop, i.e. the
exchange between labile P and organic P. As a consequence, the effi-
cacy of P adsorbents is hampered due to reduced P pools in the chem-
ical loop.

4. As intervention measures that only target SRP may likely take longer
in inhibiting phytoplankton biomass during warmer periods, we rec-
ommend an application strategy before the growing season (autumn
or early spring in temperate systems) when the biological P loop is
less prominent relative to the chemical P loop.
In conclusion, our results suggest that our current efforts on eutrophica-

tion control are very likely to be compromised under global warming, and
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more research on how to adapt our restoration measures to a warming
world is needed.
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